Fire is an ecologically important process in many habitats. Increases in the frequency and intensity of wildfires due to anthropogenic activity or future changes in the global climate are suspected to impact heavily on components of the biota in fire-dependent landscapes, but there is almost no knowledge of how changes to fire regimes interact with other stressors such as drying environments. We used livetrapping techniques to investigate the effects of wildfire and drought on the abundance of 3 species of small mammals in coastal woodland in southeastern Australia. We used a generalized linear mixed effects model design to compare 4 years of post-fire trapping results with pre-fire data on both burned and unburned sites. Numbers of all small mammal species were declining due to drought prior to an extensive wildfire. Wildfire significantly exacerbated the decline in abundance of small mammals in the year after fire. A return to wetter climatic conditions was accompanied by a recovery in small mammal numbers, which was faster in unburned sites than burned sites. Our results demonstrate a strong linkage between climatic conditions, fire, and mammal assemblages, and emphasize the need for long-term research to disentangle the interactive effects of these factors on wildlife.
slow the rate of recovery of biota after fire (Lunney and Barker 1986; Kelly et al. 2013) and, for taxa such as small mammals, the interaction of fire and drought is likely to have especially severe effects (Letnic and Dickman 2006; Hale et al. 2016) . The synergistic effects of these processes are predicted to intensify in the future, especially in southern hemisphere regions dominated by El Niño-Southern Oscillation (ENSO) systems (Allan et al. 1996; Greenville et al. 2009 ). Most studies predict that fire frequency will increase in temperate woodlands with increased heat and decreased rainfall (Hobbs 2003; , although this is not universal (Bradstock 2010) .
Many studies have investigated the effect of fire on small mammals in Australia, with most examining the effects of relatively small-scale and "cool" prescribed burns that are standard management practice across much of the country (e.g., Fox 1982; Lunney and Ashby 1987; Fox 1990; Catling 1991; Penn et al. 2003; Monamy and Fox 2005; Kelly et al. 2011; Mowat et al. 2015) . In contrast, our understanding of the effects of extensive and high-intensity wildfire on fauna is relatively poor despite decades of fire research (Catling et al. 2001; Lindenmayer et al. 2008) . One reason for this is that investigations of the impacts of wildfires are rarer than the impacts of prescribed fires, particularly on small mammal communities (e.g., Fox 1982; Whelan et al. 1996; Silveira et al. 1999; Sarà et al. 2006; Recher et al. 2009; Kelly et al. 2010; Pedersen et al. 2014) . Wildfires cannot be planned, and studies evaluating their impacts are often hampered by an absence of pre-fire data sets and the destruction of potential control sites (Letnic et al. 2005) . Very few studies have been able to document the impact of wildfire using a rigorous before-aftercontrol-impact experimental design (but see Letnic et al. 2005; Kelly et al. 2010; Banks et al. 2011b; Pastro et al. 2011; Letnic et al. 2013; Sitters et al. 2015; Varner et al. 2015) . Thus, studies evaluating the impacts of wildfires on nonvolant vertebrates such as mammals and reptiles are often retrospective and compare pre-fire and post-fire census results (e.g., Newsome et al. 1975) without controls, or employ a chronosequence approach of sampling patches of different age post-fire (Fox 1982; Briani et al. 2004; Kelly et al. 2011) . In addition to the direct effects of fire on habitat, rainfall or lack of it often influences mammal abundance both directly (due to its effect on species' resources that were burned by the fire) or indirectly (by driving responses of other interacting species) in post-fire environments (Letnic 2003; Pastro et al. 2011; Letnic et al. 2013 ). In consequence, many studies reporting the impact of wildfire on both flora and fauna are unable to disentangle the effects of wildfire from the climatic or environmental factors that may have contributed to the fire's ignition, intensity, or spread (Skidmore 1987; Bradstock et al. 2002; Green and Sanecki 2006; Smith et al. 2016) .
The responses of Australian mammals to wildfire depend not only on the fire and landscape conditions, but also on species' traits. The rate of reappearance after fire depends on a species' mobility, dispersal capacity, dietary specialization, and habitat preferences (Keith et al. 2002) . In general, fires appear to cause little direct mortality among burrowing small mammals (e.g., many Australian rodents) whose burrows provide a fireresilient shelter ; these species typically show temporal patterns of facilitated post-fire irruption followed by decline (Keith et al. 2002) . Many species that shelter above the ground may suffer considerable mortality from fire (Simons 1991; Lunney et al. 2004 ). Species such as the eastern chestnut mouse (Pseudomys gracilicaudatus) rely on high dispersal rates and a generalist diet to counter high fire mortality rates and enable rapid post-fire colonization of burned sites (Pereoglou et al. 2013 ). Other species with more specific dietary or habitat preferences suffer high mortality during fire and persist predominantly in unburned patches due to the inability of burned patches to provide shelter and food, as well as the addition of cumulative limiting processes such as heightened predation in burned environments (Letnic et al. 2004; Tulloch and Dickman 2006; Lindenmayer et al. 2008) . These "reduction and recovery" species (Keith et al. 2002) show patterns of population decline during or soon after the fire, and remain at low densities for some time before recovering. As burned habitat recovers, species may enter the succession as externally controlled changes in the vegetation (e.g., rain, other disturbances) fulfill the habitat requirements of each species (Fox 1982) , although recolonization may be controlled by the state of the vegetation both at the time of, and after, the fire (Letnic and Dickman 2010) . This pattern is frequently reported for birds and insectivorous mammals (Friend 1993) . Finally, some species (e.g., waterbirds, arboreal mammals) often exhibit no response to fire, due to traits such as high mobility or the selection of protective refuges, and their distributions and abundances over time are driven instead by habitat preferences (Catling et al. 2001; Keith et al. 2002; Lindenmayer et al. 2008) .
The Royal National Park, New South Wales, was declared a protected area in 1879 (McGhee 2003) . Despite its long history as a protected area, the park has undergone a progressive loss of mammal species since its declaration, with wildfire being a likely cause (Bean 2001; Dickman 2013) . Fire-prone heaths and eucalyptus woodland and forest communities dominate the vegetation of Royal National Park (Keith 1989 (Keith , 2013 and, given its proximity to Sydney and high visitation by humans, the area has high exposure to both deliberate and accidental causes of fire in addition to lightning (Bean 2001) . Thus, the park experiences intense summer (December-February) wildfires at roughly 4-year intervals that are associated typically with hot and dry weather conditions that prevail in late spring and summer during the El Niño phase of ENSO. An increase in the frequency or intensity of wildfires due to human activity, such as arson, or to future shifts in climate (Hobbs 2003; ) is of potentially great concern for mammals and other components of the biota.
In this paper, we examine the impact of wildfire and drought on the abundance and distribution of small mammals in the Royal and adjacent Heathcote National Parks. Our study was established in July 2000 (Tulloch 2001; Tulloch and Dickman 2006) , 16 months before an intense wildfire. Although much of our study area was burned, several sites remained unburned, allowing us to implement a before-after-control-impact analysis (Green 1993) . Our detailed surveys extended 3 years beyond the fire, and thus provided insight into the short-term impacts of this event. To elucidate the interaction between rainfall and wildfire on the abundance of small mammals, we further examined patterns of rainfall in the local area for the last 100 years.
By combining knowledge of species traits with previous research on responses to fire alone, we predicted that 1. Bush rats (Rattus fuscipes) and swamp rats (R. lutreolus) would rapidly increase in burned areas after fire and all areas after rainfall. These species are dietary generalists with year-round breeding, and should have reasonable survivorship during the fire because they shelter in burrows (Friend 1993; Lunney 2008 ); 2. Brown antechinus (Antechinus stuartii), being specialist insectivores with inflexible life history characteristics (Friend 1993; Crowther and Braithwaite 2008) , would persist in unburned sites and slowly increase in burned sites after rainfall; and 3. Eastern pygmy possums (Cercartetus nanus), being a highly mobile generalist that can switch diets and does not use burrows, would respond positively after an initial decline post-fire due to some mortality (Tulloch and Dickman 2007) , but this response will be mediated by rainfall. Higher rainfall should lead to more of an increase.
Materials and Methods
Study area.-The study was conducted in Royal (34°07′S, 151°03′E; 15,068 ha) and Heathcote (34°05′S, 150°58′E; 2,251 ha) National Parks, New South Wales (Fig. 1) . Rainfall averages 1,028 mm per year in the area, and is greatest in March and April and lowest from August to October (Australian Bureau of Meteorology; www.bom.gov.au).
We recognized 4 main vegetation types at both burned and unburned sites within the study area (Keith 1989; Pedersen et al. 2014; Crowther et al. 2016 ): Woodland with an overstory dominated by Eucalyptus haemostoma, Angophora costata, and E. piperita, and a mixed understory of Banksia, Hakea, Acacia, and Xanthorrhoea species; Heathland dominated by Banksia species; Tall Open Forest with a canopy dominated by E. pilularis, Syncarpia glomulifera, Acmena smithii, Ceratopetalum apetalum, and Livistona australis, with ferns, Acacia spp., and grasses as understory; and Coastal Escarpment Open Forest with a canopy dominated by E. pilularis and E. botryoides, with an sparse understory of Pultenaea blakelyi, Acacia, and Xanthorrhoea species, and ferns and grasses.
Fire history.-In late 2001, wildfires burned 60% (9,040 ha) of Royal National Park and all of Heathcote National Park (McGhee 2003; Fig. 1) . Before this event, Royal National Park experienced fire (a single, a few large, or many small fires) every fire season from 1968 -1969 -1998 . The 1968 -1969 and 1988 fires burned 50% or more of Royal National Park, and a fire in January 1994 burned 96% of the park (Bean 2001 ).
Heathcote National Park had previously experienced only 1 major fire, in 1976-1977, which burned 70% of the park (Bean 2001) .
Experimental design.-Animals were livetrapped on 21 study sites, 4 within Heathcote National Park and the rest in Royal National Park (Fig. 1 ). Pre-fire trapping was conducted at all sites in July, August, September, and December 2000, and January and February 2001. Post-fire trapping commenced 8 months following the wildfire. Ten sites were located in areas that were burned during December 2001, while 11 remained unburned, with the unburned sites being approximately 20 to 4,020 m from the edge of the fire ( Fig. 1) . Distances between sites ranged from 103 to 4,013 m, with an average distance of 932 m to the nearest site ( Fig. 1 ). Post-fire trapping was conducted at all sites in September and December 2002 , May 2004 , and July 2004 . Because data were available before and after the fire for both burned and unburned sites, we used a generalized linear mixed effects before-after-control-impact analysis to assess the impact of wildfire on small mammals (Green 1993) . Although the study was pseudoreplicated in space (Hurlbert 1984) due to the nature of the single large wildfire event (it is extremely difficult to manipulate a wildfire- Letnic et al. 2005) , we believe that inferences can be made due to the availability of detailed before and after data, something that is rare in wildfire studies.
Small mammal trapping.-We censused small mammals using both ground-based Elliott and pitfall traps. At each of the study sites, we established 3 70-m transects, spaced 10 m apart. The central transect comprised 6 pitfall traps. Traps were 15 × 50 cm lengths of PVC pipe sunk flush with the ground surface at 10-m intervals. The traps were linked using a 200-mmhigh fiberglass flyscreen drift fence (70 m in length) passing between and across the center of each pitfall. Wire pegs kept the fence upright, with its base buried 20 mm into the soil. Flyscreen was placed at the base of each pitfall trap to stop animals from burrowing, and covered with a thin layer of soil.
The outer 2 transects at each site consisted of 6 Elliott box traps (90 × 100 × 330 mm; Elliott Scientific Equipment, Upwey, Victoria, Australia), spaced 10 m apart, 1 line either side of the pitfall trap line. We baited these traps with a mixture of peanut butter, rolled oats, and honey. We provided nonabsorbent cotton wool as nesting material for captured animals in all traps, and wrapped plastic bags around Elliott traps for protection from rain. At each site, traps were set for 3 consecutive nights per session, checked and then reset each morning. We marked all animals with ear-notching to allow identification of individuals .
Rainfall.-To provide an index of rainfall during the study period, we calculated the cumulative rainfall for the 3-month period prior to each month between 1998 and 2005. To assess if rainfall conditions for each 3-month period were below average, average, or above average, we compared the 3-monthly cumulative totals with percentiles of the distribution of historic records for the same 3-month periods. We defined below-average and above-average conditions as periods when 3-monthly cumulative total rainfall were outside the 30th and 70th percentiles of the historic record, respectively. Rainfall data came from Audley Weather Station (34°04′S, 151°03′E) within Royal National Park, which has records since January 1889. When there were missing data, we used records from the Sydney Airport Weather Station (33°56′S, 151°10′E), which has a continuous record since January 1929.
Statistical analysis.-We tested the effects of the summer 2001 fires in relation to rainfall on small mammal numbers using a generalized linear mixed effects model (glmm) with a Poisson distribution in the glmmML package v. 1.0.2 (Broström 2017) within the R statistical environment (R Core Team 2015). We used "burned" (whether a site was burned or not), before or after the fire ("BA"), and the 3-month accumulated rainfall as fixed factors, and site as a random factor. If there was a significant interaction between "burned" and "BA," we used a glmm on the data collected since the fire, with "burned" and "time since fire" (months) as fixed factors, and site as a random factor, to see if there was a recovery response in abundance. We used number of individuals captured per trapping session as our index of small mammal abundance; recaptures were ignored as these were rare. We standardized the rainfall factor to have a mean of 0 and a SD of 1. To allow for multiple comparisons, we adjusted our alpha levels with sequential Bonferonni corrections (Rice 1989). We used the likelihood ratio test to examine whether the models differed from the null model.
We tested for spatial autocorrelation of the residuals in the models using Moran's I in the "APE" package for R (Paradis et al. 2004 ). For any model that showed significant spatial autocorrelation for the residuals, we calculated a spatial autocorrelation covariate in the R package "spdep" (Bivand et al. 2013; Bivand and Piras 2015) , standardized this term with a mean of 0 and a SD of 1, and added it to the multiple regression model (Augustin et al. 1996; Dormann et al. 2007 ). Calculations of the Moran's I of the residuals revealed no spatial autocorrelation in the models for A. stuartii (Moran's I = 0.003, P = 0.453) and R. fuscipes (Moran's I = 0.003, P = 0.436). There was spatial autocorrelation for the C. nanus model (Moran's I = 0.030, P = 0.007).
Trapping and animal handling procedures were undertaken in accordance with American Society of Mammalogists guidelines (Sikes et al. 2016) and were approved by the University of Sydney Animal Ethics Committee (Approval no. L04/7-2000/1/3172).
results
Rainfall.-The study area had above-average rainfall before trapping commenced in July 2000 (Fig. 2) . A prolonged period of below-average rainfall occurred in late 2000 and again in late 2001. The wildfire occurred in December 2001 following a prolonged period of below-average rainfall (3-month total = 37.8 mm, which is the 3rd percentile; Fig. 2 ). Dry conditions ceased in February 2002 following heavy rainfall (3-month total = 157 mm; Fig. 2 ), but returned to dry conditions in the latter half of 2002 (3-month totals for November and December 2002 were 30 mm, below the 2nd percentiles; Fig. 2 ). Average to below-average conditions prevailed from late 2003 to July 2004 (Fig. 2) .
Small mammal abundance.-We captured 811 individual small mammals in 1,764 trap nights, including 28 eastern pygmy possums (C. nanus), 366 brown antechinus (A. stuartii), 345 bush rats (R. fuscipes), 36 swamp rats (Rattus lutreolus), 33 New Holland mice (Pseudomys novaehollandiae), 1 common dunnart (Sminthopsis murina), and 2 long-nosed bandicoots (Perameles nasuta).
The numbers of A. stuartii and R. fuscipes declined markedly in the burned sites post fire (Figs. 3 and 4) , as indicated by significant interactions between burned and unburned areas and before and after the fire in 2002 (Tables 1 and 2 ). Rainfall differed in its impact on A. stuartii numbers before and after the fire, although this did not differ between burned and unburned sites ( Table 1) . Numbers of both species continued to be lower in the burned compared to the unburned sites until 2004, even though they showed some evidence of recovery. However, the recovery showed a different pattern for both species. For A. stuartii, there was a recovery at burned and unburned sites, as indicated by significant relationships with the time since fire that was consistent on burned and unburned sites ( Fig. 3 ; Table 4 ). For R. fuscipes, there was a difference in the recovery on burned and unburned sites, as indicated by the significant interaction between time since fire and burned ( Fig. 4; Table 5 ). There was also more of a delay in the decline of R. fuscipes, as indicated by a nonsignificant time since fire (Table 5 ).
The models significantly differed from the null models for both A. stuartii (residual deviance = 446.3, d.f. = 181, likelihood ratio P-value < 0.001) and R. fuscipes (residual deviance = 292.6, d.f. = 161, likelihood ratio P-value < 0.001). Sampling time (before-after) and spatial autocorrelation had an effect on C. nanus, with numbers fewer post-fire than prefire in both burned and unburned sites (Fig. 5) , and the species disappeared from unburned sites until 3 years post-fire. This model, however, did not differ significantly from the null model (residual deviance = 128.8, d.f. = 150, likelihood ratio P-value = 0.500). Pseudomys novaehollandiae and S. murina only occurred on 3 burned sites, P. nasuta on only 2 unburned sites, and R. lutreolus occurred in low numbers post-fire, so we were not able to ascertain the effect of interactions between fire, time since fire, and rainfall on their numbers.
discussion
Small mammal responses to wildfire and drought.-The 2 phases of ENSO, La Niña and El Niño, strongly influence the global and the Australian climate (Diaz and Markgraf 2000). In southeastern Australia, wildfires are associated with drought and the El Niño phase of ENSO (Skidmore 1987; Bradstock et al. 2002 ). In the current study, the period immediately prior to the wildfire saw the onset of drought conditions, which were relieved by drought-breaking rains in February 2002. In spite of these rains, which occurred soon after the fire, most of the post-fire trapping period saw a prolonged period of severe . Black bars are sites burned in the fires and white bars are unburned sites. ** indicates significant difference between treatments at P < 0.01 and * at P < 0.05 using repeated measures ANOVA. drought (Fig. 2) . For example, the 3-monthly cumulative rainfalls in September and December 2002 were in the lowest 3% of historical records. Drought can slow regeneration of vegetation after fire (Hodgkinson 1992; Pastro et al. 2011 ) and render drought-affected areas more prone to subsequent fire events.
At the same time that drought conditions were occurring in the study area, small mammal abundance and species richness were declining prior to the wildfire. These declines were exacerbated by wildfire, as capture rates of 2 species, R. fuscipes and A. stuartii, collapsed in burned sites and remained low for 2 years after. Predicted patterns of reduction in abundance then recovery to pre-fire numbers for R. fuscipes were therefore not supported by our data. In contrast, A. stuartii numbers persisted in unburned sites, and possibly refugia in the burned sites, and slowly recolonized burned sites as predicted. Numbers of C. nanus decreased at all sites until more than 3 years post-fire, in contrast to our predictions of merely declining in the burned sites. There was no evident effect of fire, but it is possible that rainfall deficiency and a subsequent possible reduction in plant productivity or flowering was the major factor driving the decline of this species due to a dietary reliance on floral resources (Tulloch and Dickman 2007) . However, this was not apparent in the models, possibly due to low capture numbers. Pygmy possums are capable of moving 5 km post-fire (Morrant and Petit 2012) , and could have moved in response to flowering events. Similar results have been obtained for the western pygmy possum (C. concinnus), which showed no significant response to fire but a similar response to rainfall (Kelly et al. 2010; Kelly et al. 2011; Kelly et al. 2012; Kelly et al. 2013) . Following drought-breaking rains in 2003, the abundance and species richness of small mammals, including A. stuartii and R. fuscipes, increased on all sites. However, the increase in abundance was much greater on unburned sites, particularly for A. stuartii. These results are in accord with those of previous studies that found R. fuscipes, A. stuartii, and A. agilis to be uncommon in areas 0-4 years post-fire (Fox 1982; Lunney and Barker 1986; Lindenmayer et al. 2008) .
It is uncertain how much of the post-fire decrease in animal numbers in this study was caused by direct mortality during the . Black bars are sites burned in the fires and white bars are unburned sites. ** indicates significant difference between sites at P < 0.01 and * at P < 0.05 as determined by simple contrasts using repeated measures ANOVA.
fire. In general, ground-dwelling mammals such as R. fuscipes appear to survive fires through the use of burrows as shelters, whereas arboreal mammals are more susceptible to the flames ; such findings are supported by our trapping results immediately post-fire. Antechinus stuartii and C. nanus are both arboreal and ground-dwelling and dependent on habitat characteristics, so their survival could have been influenced by site features such as whether the site was heathland (which necessitates more ground use) or forest (with low ground cover necessitating tree dependence), and whether there were finescale fire refuges available Berry et al. 2015; Banks et al., in press ). Mortality has been assumed to be the direct cause of population declines in previous wildfire studies (e.g., Chew et al. 1959; Fox 1978) , but declines in capture rate do not distinguish between mortality and emigration or account for changes in habitat caused by fire . A previous study of A. stuartii revealed high survivorship after the 1994 wildfire in Royal National Park, apparently because many individuals nested in rock crevices (Whelan et al. 1996) .
Similarly, Sutherland et al. (2004) indicated that increased captures of C. nanus post-fire occurred because individuals were forced to move more along the ground in burned areas. Given the intensity and extent of the wildfire, recovery was probably from refuges (such as wet gullies) rather than immigration. Other studies of both small ground-dwelling mammals and arboreal mammals show they can survive large fires in refuges, and that post-fire recovery is due to in situ population growth rather than immigration (Banks et al. 2011a Berry et al. 2015; Banks et al., in press ).
In the classic pyric succession model of Fox (1982) , species enter the community when regenerating vegetation provides the food, shelter, and other resources that they require, but leave when conditions become less suitable. Many studies have adopted this model to explain mammalian succession after fire (Fox and McKay 1981; Fox 1983; Haering and Fox 1997; Monamy and Fox 2000) , but evidence linking population recovery with changes in the post-fire environment is often weak or circumstantial (Sutherland and Dickman 1999) . Letnic and Dickman (2010) proposed an alternative state-and-transition model to explain community dynamics. In this model, mammal communities can exist in certain "states," or particular combinations of species with characteristic levels of abundance, and are prompted to move between these states by transitions, or drivers, such as rainfall, drought, or predation, rather than by habitat selection as predicted by models of pyric succession.
Our results suggest that the post-fire recovery of small mammal assemblages did not follow a successional model. A marked increase in the abundance of early succession specialists, such as P. novaehollandiae, would be expected if a successional trajectory were being followed (Fox 1982) . However, this was not the case here, as all study species declined after fire. Moreover, species thought to be early succession species such as P. novaehollandiae, Mus domesticus, and S. murina (Fox 1983) , which occur in the study area, did colonize recently burned habitats, similar to the results of Lindenmayer et al. (2008) . Thus, it is possible that post-fire community dynamics within our study area may be better described by a state-andtransition model such as that proposed by Letnic and Dickman (2010) for desert mammals, where the combination of fire and drought influences the availability of food resources and thus the composition of small mammal assemblages. Nimmo et al. (2014) in their study of the responses of different lizard species to fire stated that their results followed a dynamic vegetation hypothesis, in which spatial variation in the relationships between fire and vegetation structure leads to regional variation in faunal responses to fire. This could possibly explain the differences in the small mammal responses in this study to previous successional studies. More cross-study evaluation of long-term monitoring data that encompass different states is required to ascertain whether such models can be applied generally to mammal assemblages in the mesic habitats of eastern Australia. Where decisions to manage environments cannot wait, adaptive management experiments evaluating the outcomes of burning on assemblages in different "states" may be necessary to elucidate the main mechanisms of change (Richards et al. 1999 ). (Andersen et al. 2005; Andersen et al. 2012) . The cause of these declines has been related to the suppression of Aboriginal mosaic burning (Bowman 1998 ) and the introduction of high fuel loads that favor exotic pasture grasses (Bowman 2012) . Although the frequency, timing, extent, and effects of burning in southeastern Australia by Aboriginal people have generated much debate (Gott 2005) , it seems clear that many areas, such as the peri-urban Royal and Heathcote National Parks, are now experiencing fire regimes that are different from historical regimes, and are affecting the biota in different but often negative ways.
Managing fire regimes at the urban interface is a major challenge that encompasses ecological, social, and political issues. For example, implementing fire regimes that are appropriate for the conservation of biodiversity is often not possible owing to demands to burn more frequently to reduce fuel loads and fire hazard with the aim of protecting human lives and property, in addition to the occurrence of unpredictable factors that influence fire regimes such as variable weather conditions and arson (Bradstock et al. 1998 ). In addition, wildfire burns 10 times more area than prescribed fire in the Sydney region (Price and Bradstock 2011) and, even if authorities could increase the areas of prescribed burns, it would be only in the order of 3-5% more. Hence, there is a great need for studies of the impacts on biodiversity of different fire regimes near areas of higher human habitation.
Climate change and fire intensity.-If levels of atmospheric CO 2 were to double in the next 50-60 years, as predicted, this would cause a large increase in fire frequency through an increase in maximum temperature of between 1.5°C and 6°C throughout Australia, and a sharp decrease in rainfall in southeastern Australia (Williams et al. 2001; Cary 2002; CSIRO and Bureau of Meteorology 2015) . Although the magnitude of impacts is largely unknown because of uncertainty about a number of important processes related to global warming and to climate and fire modeling (Cary 2002; Bradstock 2010) , changes are expected to be large. From the findings of the present study, we predict that small mammals would not have sufficient time to recover from 1 fire to the next, and that a fire × drought interaction could slow the recovery of resources such that depleted populations of mammals would be at considerable risk of stochastic extinction. 
